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A B S T R A C T   

Surface ozone (O3) is a threat to forests by decreasing photosynthesis and, consequently, influencing the strength 
of land carbon sink. However, due to the lack of continuous surface O3 measurements, observational-based 
assessments of O3 impacts on forests are largely missing at hemispheric to global scales. 

Currently, some metrics are used for regulatory purposes by governments or national agencies to protect 
forests against the negative impacts of ozone: in particular, both Europe and United States (US) makes use of two 
different exposure-based metrics, i.e. AOT40 and W126, respectively. However, because of some limitations in 
these metrics, a new standard is under consideration by the European Union (EU) to replace the current exposure 
metric. 

We analyse here the different air quality standards set or proposed for use in Europe and in the US to protect 
forests from O3 and to evaluate their spatial and temporal consistency while assessing their effectiveness in 
protecting northern-hemisphere forests. Then, we compare their results with the information obtained from a 
complex land surface model (ORCHIDEE). 

We find that present O3 uptake decreases gross primary production (GPP) in 37.7% of the NH forested area of 
northern hemisphere with a mean loss of 2.4% year− 1. We show how the proposed US (W126) and the currently 
used European (AOT40) air quality standards substantially overestimate the extension of potential vulnerable 
regions, predicting that 46% and 61% of the Northern Hemisphere (NH) forested area are at risk of O3 pollution. 
Conversely, the new proposed European standard (POD1) identifies lower extension of vulnerability regions 
(39.6%).   

1. Introduction 

During the 20th century, atmospheric pollution increased signifi-
cantly over large regions of the northern hemisphere (Young et al., 
2013) because of increasing anthropogenic emissions from both indus-
trialized and developing countries (Hartmann et al., 2013). The rapid 

increase in the concentration of air pollutants has thus posed new sci-
entific and political challenges to protect forests from atmospheric 
pollution, which was identified as an unfavourable condition for vege-
tation growth (Johnson and Siccama, 1983). Tropospheric ozone (O3) is 
a short-lived trace gas that either originates in the stratosphere and is 
then transported toward the lower atmosphere (i.e. troposphere) or is 
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produced in-situ by photochemical reactions among precursors such as 
nitrogen oxides (NOX), carbon monoxide (CO), methane (CH4) and 
volatile organic compounds (VOCs) as well as peroxyacetyl nitrate 
(PAN) (Milford et al., 1994; Fischer et al., 2014; Monks et al., 2015). 

Ozone is harmful for vegetation as it impairs photosynthesis and 
plant growth with consequences for the terrestrial land carbon sink and 
ecosystem health (Reich and Amundson, 1985; Sitch, 2007). Several 
studies display a substantial effect of O3 on forest primary production 
(Lombardozzi et al., 2015; Yue and Unger, 2018), although the quan-
tification of ozone-induced photosynthesis loss is often ignored or poorly 
represented in most of the global land carbon assessments (Canadell, 
2021). A prompt identification of potential vulnerable forests to air 
pollution is crucial to develop effective mitigation and adaptation stra-
tegies able to prevent effects ranging from long-term damages to forest 
mortality (Forzieri et al., 2021). Unfortunately, observational-based 
studies addressing O3 damage to photosynthesis mostly remain 
site-level and are limited by the sparse number of sites where both air 
quality and eddy covariance measurements are available (Yue & Unger, 
2014; Fares et al., 2013; Verrickt et al., 2017; Yue et al., 2016). 
Consequently, large scale assessments of O3 threat to forests are neces-
sarily performed with complex process-based models (Sitch et al., 2007; 
Lombardozzi et al., 2015; Yue and Unger, 2018) which account for the 
biological, physical and chemical processes affecting O3 uptake into 
vegetation and the consequent effects on plant physiology. Alterna-
tively, some metrics have been developed to quickly identify forest areas 
potentially vulnerable to O3 stress (Lefhon et al., 2018; Mills et al., 2018; 
Musselman et al., 2006), and estimate the consequent plant response 
using some simple dose-response relationships inferred from field ex-
periments (Mills et al., 2011a,b). Yet, it is still challenging to understand 
how well these metrics can identify vulnerable forests and whether they 
agree with estimates from process-based models. 

Sitch et al. (2007) estimated the impact of projected changes in O3 
levels on the land-carbon sink, using a global land carbon cycle model, 
which accounted for both the effect of O3 on photosynthesis and the 
interactions between O3 and CO2 through stomatal closure; it was 
showed that, because of O3 stress on plants, gross primary production 
(GPP) was projected to decrease over the time period 1901–2100 by 
14–23% with some regional peaks even above 30% (Sitch et al., 2007). 

The magnitude of O3 stress to forests was quantified in several 
modelling studies ranging from regional (Anav et al., 2011; Sun et al., 
2012; Yue and Unger, 2014; Franz et al., 2017; Verryckt et al., 2017; Yue 
et al., 2017; Franz et al., 2018; Oliver et al., 2018; Park et al., 2018) to 
global (Lombardozzi et al., 2012, 2015; Sicard et al., 2017) as well as in 
many field experiments (Matyssek et al., 2010b; Pretzsch et al., 2010; 
Hoshika et al., 2012, 2015; Fares et al., 2013; Braun et al., 2014; Tal-
helm et al., 2014; Kitao et al., 2016; Proietti et al., 2016; Sicard et al., 
2016; Yue et al., 2016). Some meta-analysis and review papers summed 
up all the available information from the literature (e.g. Matyssek et al., 
2010a; Leisner and Ainsworth, 2012; Ainsworth et al., 2012; Lombar-
dozzi et al., 2013; Fuhrer et al., 2016; Agathokleous et al., 2016; Jolivet 
et al., 2016; Li et al., 2017; Cailleret et al., 2018). 

In contrast to process-based models, which estimate and quantify the 
O3 damage to plants using complex biogeochemical parameterization, 
since the ‘90s several O3 metrics have been developed (Musselman et al., 
2006); these metrics were simpler than process-based models, and 
allowed to estimate the O3 exposure or uptake by plants and quantify the 
consequent plant response by simple dose-response relationships infer-
red from field experiments (e.g. Mills et al., 2011a). 

Despite at local/regional scale the current state of knowledge of O3 
metrics of relevance to vegetation has already been discussed in several 
papers (Musselman et al., 2006; Karlsson et al., 2007; Paoletti et al., 
2007; Simpson et al., 2007; De Marco et al., 2015, 2020; Lefohn et al., 
2018; Mills et al., 2018), at larger scale (i.e. hemispheric to global) the 
information on the potential O3 risk to forests is very limited. In fact, in 
most of the previous risk assessment studies based on measurements 
only (e.g. Lefohn et al., 2018; Mills et al., 2018), the information on the 

potential O3 risk to forests was limited by the data availability, leading 
to an insufficient knowledge in sparsely populated regions where surface 
air quality measurements were missing. For this reason, the quantifi-
cation of large-scale damage is exclusively performed through models. 
However, one of the main limitations related to models is the generally 
coarse spatial resolution of chemistry models used to produce O3 data (e. 
g. Simpson et al., 2007; Colette et al., 2012; Hoshika et al., 2015; Monks 
et al., 2015; Sicard et al., 2017), which poorly reproduce the local 
variability of air pollutants especially in complex highly polluted regions 
where emissions and transport of pollutants, away from the source of 
emission, play a pivotal role in determining air quality (Li et al., 2014; 
Strode et al., 2015; Huang et al., 2017; Jonson et al., 2018). The present 
availability of a regional coupled chemistry-climate model (i.e. 
WRF-Chem) with a fine spatial resolution (~25 km), covering most of 
the northern hemisphere (NH) (Grell et al., 2005), allows to overcome 
the spatial resolution limitation. 

The aim of this study was to compare European and US air quality 
metrics used for ozone risk assessment for forest trees, in terms of 
geographical distribution and in terms of exceedance of the critical 
levels. Because of the difficulties associated to the computation of ozone 
uptake by plants, which requires several meteorological data in addition 
to the O3 concentrations, these metrics has been neglected in previous 
ozone risk assessments for forests at large scale (i.e. from hemispheric to 
global). To compute the different metrics, we used results from WRF- 
Chem for NH. Noteworthy, current surface O3 concentrations are still 
high enough to damage NH forests, despite the successful control pol-
icies to reduce O3 precursors emissions (Anav et al., 2019; Unger et al., 
2020). Then, we quantified the effect of O3 on GPP, and compared the 
estimated damage with the information obtained from the different 
metrics. We postulated that exposure-based metrics (AOT40 and W126, 
respectively) overestimate O3 risk to forests relative to the uptake 
metric (POD1), and we aimed at quantifying this overestimation for the 
entire NH. 

2. Materials and methods 

2.1. WRF-chem model 

Hourly O3 concentrations and meteorological variables used to 
compute the different metrics presented in this study were simulated by 
the Weather Research and Forecasting model with Chemistry (WRF- 
Chem, version 3.9). The WRF model is a limited-area, non-hydrostatic, 
terrain-following eta-coordinate mesoscale model (Skamarock and 
Klemp, 2008); this model has been further developed to include various 
gas-phase chemistry and aerosol mechanisms creating the coupled 
chemistry-climate WRF-Chem model (Grell et al., 2005). 

The WRF model system offers multiple options for various physical 
packages (Skamarock and Klemp, 2008). The dynamical core used in 
this work is the Advanced Research Weather Research and Forecasting 
model; we used a single-moment 6-class scheme to resolve the micro-
physics (Hong and Lim, 2006) and the Rapid Radiative Transfer Model 
for GCMs (RRTMG) for the shortwave and longwave radiation (Iacono 
et al., 2008). Convective precipitation and cumulus parameterization 
were resolved with the new Tiedtke scheme (Zhang et al., 2011), the 
planetary boundary layer computations were performed using the 
nonlocal K-profile Yongsei University parameterization (Hong and Lim, 
2006), while the exchange of heat, water and momentum between 
soil-vegetation and atmosphere was simulated by the Unified Noah Land 
Surface Model (Chen and Dudhia, 2001). 

Similarly to physical parameterizations, many different gas phase 
chemistry and aerosol options are available in WRF-Chem. In this study, 
gas-phase chemical reactions are calculated using the chemical mecha-
nism MOZART (Model for OZone And Related chemical Tracers) (Emmons 
et al., 2010) whereas for the aerosols we used the GOCART (Global 
Ozone Chemistry Aerosol Radiation and Transport) bulk aerosol approach 
(Chin et al., 2000). This set-up includes 85 gas-phase species, 12 bulk 

A. Anav et al.                                                                                                                                                                                                                                    



Environmental Pollution 295 (2022) 118690

3

aerosol compounds, 39 photolysis and 157 gas-phase kinetic reactions. 
Anthropogenic emissions are based on the EDGAR-HTAP (Emission 

Database for Global Atmospheric Research for Hemispheric Transport of Air 
Pollution) global emission inventory which includes emissions of gaseous 
pollutants such as SO2, NOx, CO, non-methane volatile organic com-
pounds (NMVOCs), NH3 black carbon and particulate matter. Fire 
emissions are provided using the FINN (Fire INventory from NCAR) 
inventory (Wiedinmyer et al., 2011); this dataset provides estimates of 
trace gases and particles emitted by open biomass burning at ~1 km 
resolution. Biogenic emissions are calculated online using the MEGAN 
(Model of Emissions of Gases and Aerosols from Nature) model 
(Guenther et al., 2006). 

The initial and boundary meteorological conditions (including time 
varying sea surface temperature), required to run the model, are pro-
vided by the European Centre for Medium-range Weather Forecast 
(ECMWF) re-analysis project ERA5 (Hersbach et al., 2020), with a 
horizontal resolution of ~31 km every 3 h. Similarly, 
MOZART-4/Goddard Earth Observing System Model version 5 (GEOS-5) 
data were used for chemical and aerosol boundary conditions. The 
MOZART-4 data is a model output dataset available at a horizontal grid 
resolution of 1.9

◦

× 2.5◦ every 6 h and is driven by the National Aero-
nautics and Space Administration (NASA) GEOS-5 model. 

For validating the model results over different seasons and regions, 
we used the year 2016, when measurements from rural sites (e.g. EPA, 
NAPS, CASTNet, EEA, Airbase, EMEP, GAW networks), i.e. representa-
tive of background O3 conditions (de Leeuw, 2000), were available ( 
(Sofen et al., 2016a,b). Considering both the moderate inter-annual 
variations in O3-induced GPP changes (Yue, 2018) and the low spatial 
and temporal variability of metrics (Anav et al., 2016), the results and 
conclusions from this study are expected to apply more broadly over 
other years. 

To estimate distribution and type of forest over the hemispheric 
domain, the U.S. Geological Survey (USGS) Global Land Cover Charac-
terization (GLCC) dataset (Loveland et al., 2000) and the 
Köppen-climate classification (Kottek et al., 2006) were used to link 
USGS vegetation to bio-climatic ranges (Anav et al., 2018). 

2.2. Impact of O3 on GPP from ORCHIDEE 

To quantify changes in photosynthesis caused by O3, we use the 
ORCHIDEE “ORganizing Carbon and Hydrology in Dynamic Ecosys-
tEms” model (Musselman et al., 2006) driven by meteorological data 
and O3 concentrations simulated by the WRF-Chem model (year 2016). 
ORCHIDEE simulates fluxes of carbon, water and energy between the 
atmosphere and land surface. As most of the process-based models, in 
ORCHIDEE the carbon assimilation scheme is simulated using the 
coupled Farquhar (Farquhar et al., 1980) biochemical photosynthesis 
model and Ball–Berry stomatal conductance model (Krinner et al., 
2005). To represent the effects of O3 on vegetation functioning, we 
added into ORCHIDEE a damage function (fO3). This function is based on 
the O3 flux entering the leaves, thus it reproduces the typical observed 
non-linear reduction of photosynthesis and stomatal conductance in 
response to damaging ambient levels of O3, taking also into account the 
detoxification processes. At each time step, the instantaneous damaging 
flux FO3Y [nmol m− 2 s− 1] is calculated as follows: 

FO3Y(t) =GsO3 (t)⋅O3(t) − FO3tdfage(t) (1)  

where GsO3(t) represents the stomatal conductance to O3 (in mmol m− 2 

s− 1), O3(t) is the near-surface O3 concentration (in ppb), FO3td is the 
threshold flux prescribed to the value Y (in nmol m− 2 s− 1) and the scalar 
factor fage(t) which is the senescence factor depending on the leaf age 
and varying between 0 and 1. The latter describes the dynamic impact of 
the senescence on the detoxification ability, which is maximal for young 
leaves (fage = 1) and decreases with the leaf age (fage = 0) up to zero. 
Following the recommendations of CLRTAP (2017), the value Y of the 

threshold flux for forests is set to 1 nmol m− 2 s− 1. From the instanta-
neous damaging flux, the phytotoxic O3 dose PODY(t) is computed by 
integrating FO3Y between the start of growing plant season (SOS) and 
the given time step t: 

PODY(t) =
∫ t

SOS
FO3Y(t)dt (2)  

where Y refers to the value of the constant threshold flux FO3td. Besides, 
in order to represent the observed delay in the effects on photosynthesis, 
we added the threshold parameter PODc (in mmol m− 2 s− 1), which 
corresponds to the phytotoxic O3 dose above which the photosynthesis 
starts to decrease due to the effective O3 damages inside the leaf. Finally, 
we compute the damage scalar factor fO3 at each time step by solving the 
following equation: 

∂fO3(t)
∂t = − βfO3(t)(POD(t) − PODc)FO3Y(t) (3)  

where β is a plant-specific empirical coefficient of sensitivity. The so-
lution fO3(t) displays the typical curvilinear response of photosynthesis 
commonly observed during fumigation experiments on various species 
sensitive to O3 (Novak et al., 2005; Pell et al., 1992). The parameters β 
and PODc were calibrated using hourly meteorological data and O3 
concentration from fumigation experiments conducted on several tree 
species (Novak et al., 2005; Hoshika et al., 2012; Kronfuβ et al., 1998). 

2.3. Air quality metrics 

According to the EU Directive on Ambient Air Quality and Cleaner 
Air (2008/50/EC), the air quality standard used for vegetation in Europe 
is the Accumulated Ozone over a Threshold of 40 ppb (AOT40, in ppb h); 
it is computed as the sum of the hourly exceedances above 40 ppb be-
tween 8AM and 8PM and is cumulated over the period 1st April-30th 
September: 

AOT40=
∫30thSeptember

t=1stApril

max
(
[O3]t − 40, 0

)
dt (4)  

where [O3] is the mean hourly O3 concentration (ppb) estimated 
through WRF-Chem model and dt is the time step (1 h); the function 
“maximum” ensures that only values exceeding 40 ppb are included. 

The US Environmental Protection Agency (EPA) proposed for use as 
a secondary air quality standard the W126 metric. The W126 (ppb h) is 
computed as the sigmoidal weighting sum of hourly O3 concentrations 
between 8AM and 8PM and, for consistency of analysis, was cumulated 
over the same temporal period of AOT40: 

W126=
∫30thSeptember

t=1stApril

[O3]t

1 + 4403e(− 0.126[O3 ]t)
dt (5)  

where [O3] is the hourly O3 concentration (ppb) simulated by WRF- 
Chem model and dt is the time step (1 h). The weighting function is 
used to assign greater emphasis to higher O3 concentrations (Lefohn 
et al., 2018). 

According to the EU Directive on Ambient Air Quality and Cleaner 
Air (2008/50/EC) the critical level set for forest protection is 9 ppm h 
AOT40, while for W126 we considered 7 ppm h and 21 ppm h for sen-
sitive and tolerant forests (Heath et al., 2009), respectively. 

These standards have the same flaw, namely, they do not consider 
any environmental stress to vegetation, therefore, a different ozone-risk 
metric has been developed, that is based on cumulated stomatal flux 
above a given phytotoxic threshold below which plants are able to 
detoxify ozone (Emberson et al., 2000). 

The stomatal O3 uptake, with a Y threshold of 1 nmol m− 2 s− 1 (i.e. 
POD1), is expressed as follows (CLRTAP, 2017): 
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POD1 =

∫EGS

t=SGS

max
(

[O3]t * gsto *
Rc

Rc + Rb
− 1, 0

)

dt (6)  

where [O3] is the hourly O3 concentration (ppb), Rb is the quasi-laminar 
resistance (s m− 1), Rc is the leaf surface resistance (s m− 1), gs is the 
stomatal conductance to O3 (mmol O3 m− 2 s− 1), and SGS (start of 
growing season) and EGS (end of growing season) represent the begin-
ning and the end of plant growing season, respectively. Note that AOT40 
and W126 are cumulated between 1st April-30th September 2016, while 
POD1 is cumulated over the specific forest type growing season length 
estimated from satellite leaf area index (LAI) as in Anav et al. (2018). 

The stomatal conductance is computed using the Jarvis’s algorithm 
(Jarvis, 1976) which describes the species-specific effects of soil water 
availability, vapour pressure deficit, air temperature, and solar radiation 
on stomatal functioning. The leaf-level stomatal conductance (gs, in 
mmol O3 m− 2 s− 1) is estimated as follows: 

gsto= gmax*fphen*flight*max
(
fmin, ftemp * fVPD * fSWC

)
(7)  

where gmax is the maximum stomatal conductance of a plant species 
(mmol O3 m− 2 PLA s− 1), fmin is the minimum stomatal conductance 
expressed as a fraction of gmax, while the functions flight (Eq. (8)), ftemp 
(Eq. (9)), fVPD (Eq. (10)), and fSWC are scalar species–specific factors 
describing limitation (fx = 0) or not limitation (fx = 1) to maximum 
stomatal conductance because of photosynthetically photon flux density 
at the leaf surface (PPFD), surface air temperature (T), vapour pressure 
deficit (VPD), and volumetric soil water content (SWC). Finally, the fphen 
function is used to define the duration of the growing season during 
which plants can uptake O3; we used LAI seasonal variations to compute 
the SGS and EGS, as described in Anav et al. (2018). 

These scaling factors are defined as follows (CLRTAP, 2017): 

flight = 1 − e(− lighta*PPFD) (8)  

ftemp=max

⎛

⎜
⎝fmin,

(
T − Tmin

Topt − Tmin

)

*
(
Tmax − T
Tmax − Topt

)

(
Tmax − Topt
Topt − Tmin

)⎞

⎟
⎠ (9)  

fVPD=min
{

1,max
[

fmin,

(
(1 − fmin)*(VPDmin − VPD)

VPDmin − VPDmax

)

+ fmin

]}

(10)  

fSWC =min
[

1,max
(

fmin,
SWC − WP
FC − WP

)]

(11)  

where light is a dimensional constant, PPFD is hourly photosynthetic 
photon flux density (μmol photons m− 2 s− 1), Topt, Tmin, and Tmax () 
represent the optimum, minimum, and maximum temperature (T, ◦C) 
for gsto, VPDmin and VPDmax (kPa) are minimum and maximum VPD for 
gsto, and WP and FC are the soil water content (m3 m− 3) at wilting point 
and field capacity, respectively (CLRTAP, 2017). 

It should be noted that stomatal conductance depends on the vege-
tation type, thus land cover is a key variable when computing POD1 as 
each vegetation category has specific properties and ranges for the 
stomata opening controlled by the above mentioned limiting functions. 

For the POD1 critical levels we used 5.2 mmol m− 2 y− 1 for boreal and 
continental deciduous forests, 9.2 mmol m− 2 y− 1 for boreal and conti-
nental evergreen forests, 14 mmol m− 2 y− 1 for temperate deciduous 
forests and 47.3 mmol m− 2 y− 1 for temperate evergreen forests 
(CLRTAP, 2017). 

3. Results and discussion 

3.1. Distribution of ozone concentrations 

During spring (i.e. March-April-May), the O3 concentration shows 

maximum values (>40 ppb) over Greenland, Tibetan plateau and in the 
arctic regions (e.g. Alaska and Siberia), whereas, in the polluted areas of 
central Europe, the eastern US and south-eastern Asia O3 has its mini-
mum (<30 ppb) because of night-time titration by NO and weak 
photolysis rates (Fig. 1). The high concentrations observed over 
Greenland are due to i) O3 formation attributed to local sources like NOx 
enhancement from snowpack emissions, ii) thermal decomposition of 
PAN and iii) ship emissions (Law and Stohl, 2007; Walker et al., 2012). 
In addition, the long-range transport of O3 and its precursors from 
Europe and North America as well as stratospheric O3 inputs, associated 
with low deposition rates, contribute to O3 peaks over Greenland. 
Similarly, for latitudes over 60◦N, air pollutants are transported to the 
Arctic, primarily from Eurasia, North America and Asia leading to high 
O3 concentrations (namely Arctic haze) in early spring when the dry 
deposition is low (Law and Stohl, 2007). On the other side, the large O3 
concentrations observed over the Tibetan plateau are attributed to the 
combined effects of: i) the elevation and high ice/snow reflectance, 
which lead to a larger amount of available UV radiation, thus increasing 
the photochemical reaction rates; ii) the strong thermal and dynamical 
forcing of the Tibetan plateau on regional climate associated with the 
large–scale circulation; iii) the local production favoured by the signif-
icant amount of O3 precursors transported from surrounding polluted 
regions (Tian et al., 2008; Guo et al., 2015; Wang et al., 2015; Sicard 
et al., 2017). 

During the summer season (June-July-August), the larger surface O3 
concentrations are observed over the Tibetan plateau, Greenland, 
western and eastern U.S and in a latitudinal range between 15◦ and 
45◦N, while lower O3 concentrations are found over Canada, South Asia 
and regions over latitude 60◦N. The maxima found at northern mid- 
latitudes are attributed to the peak in local and regional photochem-
ical O3 production promoted by high solar radiation, increased daylight 
period and forest fire emissions (Andreae and Merlet, 2001; Mavrakis 
et al., 2010c; Parrish et al., 2013; Li et al., 2014), while the O3 minimum 
in the boreal region are related to the high deposition rates to forests and 
the advection of clean air-masses from the Arctic and the Pacific Ocean. 

During autumn (September-October-November), O3 has the higher 
concentrations over Greenland, Tibetan plateau and regions with desert 
and ice as well as in the western US, while minimum O3 concentrations 
are found in central Europe and south-eastern Asia due to the O3 titra-
tion under high NOx levels. In fact, the fresh emissions of NO, occurring 
during the colder months in the polluted regions, rapidly react with O3 
to produce NO2 (Doherty et al., 2005; Bloomer et al., 2010; Monks et al., 
2015), while the NO2 reactions are limited by low solar radiation. 

In general, chemical transport models well reproduce the seasonal 
variability and spatial pattern of mean O3 concentrations at region-
al–to–global scale, and they are able to simulate the higher O3 levels in 
areas downwind of precursor sources and at the high–elevation and 
remote areas (Lin et al., 2012; Lamarque et al., 2013; Sicard et al., 2017). 
Unfortunately, the availability of in-situ measurements is limited to 
populated regions only, while satellite data provides information on the 
total column content or the lowermost troposphere, thus they are poorly 
representative of the surface layer (Cuesta et al., 2018). Nevertheless, a 
broad number of air quality measurements from several monitoring 
stations are available for validating our results (e.g. Schultz et al., 2017; 
Gaudel et al., 2018; Tarasick et al., 2019); these measurements have a 
heterogeneous spatial distribution covering different region of the globe 
with different meteorological and climatic conditions (Fig. 2). 

Overall, the model well reproduces the seasonal variability in surface 
O3 in US, Europe and over Asia during summer, while discrepancies can 
be observed during spring and autumn, mainly over China or near the 
Mediterranean coastal sites. Compared to ground observations, the 
WRF-Chem model overestimates O3 concentrations across Europe, US 
and Asia: the absolute mean (i.e. unsigned) bias is 9 ppb for the US (658 
sites), 4.6 ppb for Europe (563 sites) and 9.7 ppb over Asia (607 sites). 
The observed bias is mainly attributed to the large uncertainty in the 
anthropogenic emissions (Parrish et al., 2014; Oikonomakis et al., 
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2018), which are not updated to the year 2016 (Georgiou et al., 2018) 
and the coarse parameterization of dry deposition through plant stomata 
(Rydsaa et al., 2016). On the other side, WRF-Chem well reproduces the 
observed spatial and seasonal variability of the relevant meteorological 
variables affecting surface air chemistry and required in the following 
sections to estimate the amount of ozone taken up by forests (see sup-
porting information). 

3.2. Air quality standards used for forest protection 

Air quality standards have been established to prevent or minimize 
the risk of adverse effects to forest health from air pollution. As these 
standards are often used in conjunction with statistically-derived critical 
levels (Fuhrer et al., 1997; Ashmore et al., 2004; Mills et al., 2011a), i.e. 
threshold values above which detrimental effect on forest may occur, 
their spatial distribution provides a valuable tool to prevent long-term 
injury to trees (Musselman et al., 2006). 

Generally, two groups of metrics have been developed; the first 
group, defined as exposure-based metrics, considers the adverse effects 
of ozone to vegetation to be dependent on the canopy O3 concentration 
only, following the rather simple rationale that higher O3 concentrations 
is assumed to be more damaging to plants (Simpson et al., 2007). In the 
second group, defined as flux-based metrics, the risk depends on the 

amount of O3 entering the leaves through the stomata (i.e. uptake). 
The European standard used to protect vegetation against negative 

impacts of ozone is the Accumulated Ozone over a Threshold of 40 ppb, 
i.e. AOT40 (EU Directive on Ambient Air Quality and Cleaner Air, 2008/ 
50/EC); it is a concentration-based metric that describes the hourly O3 
accumulated exposure of forests. Exposure is generally limited to the 
period when stomata are open, thus AOT40 is, for simplicity, calculated 
over the daylight hours (8AM-8PM) during the plant growing season 
(CLRTAP, 2017); the critical level value set for forest protection, 
computed during the time window 1st April– 30th September, is 9 ppm h 
(Directive, 2008/50/EC) (Paoletti et al., 2014; Lefohn et al., 2018; Mills 
et al., 2018). 

The US Environmental Protection Agency (EPA) uses the W126 
metric to protect vegetation from ozone damage (US EPA, 2013; 2014a; 
US Federal Register, 2015). The W126 is an exposure-based metric 
calculated from the sum of hourly O3 concentrations, weighted by a 
sigmoidal function ranging from 0 to 1, during daylight hours through 
the plant growing season. The sigmoidal weighting function is used to 
give more weight to higher O3 concentrations. The W126 can be accu-
mulated over 3, 6, 7 and 12 months (Lefohn et al., 2018; Mills et al., 
2018). In case of sensitive tree species, the critical level is 7 ppm h, while 
for tolerant species the threshold is 21 ppm h (EPA, 2007; Paoletti et al., 
2014; Mills et al., 2018). 

Fig. 1. Spatial distribution of WRF-Chem simulated mean daily surface ozone concentrations over land areas of northern hemispere during different seasons (i.e. 
March-April-May; June-July-August; September-October-November) in 2016. 
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As already reported by Mills et al. (2018), the European and US 
standards have some points in common: firstly, the higher is the ozone 
concentration the larger is the magnitude of the metric and thus the 
greater is the risk to forests. Secondly, the O3 stress is cumulated over the 
plant growing season to reflect the time-period when plants are most 
likely to absorb O3. In addition, both accumulation periods and critical 
levels are species-specific reflecting different sensitivities to O3. Finally, 
the computation of these standards relies on the concentrations only; 
therefore they are neither computationally demanding nor expensive in 
terms of in-situ measurements. Similarly, these standards have the same 
flaw, namely, they do not consider any environmental stress to vegeta-
tion, and the risk posed to forests is based on the exposure only without 
considering any ecophysiological constraint (Anav et al., 2016). 

To overcome the above-mentioned flaw, a second group of O3-risk 
metric has been developed; this is based on the cumulated stomatal flux 
above a given phytotoxic threshold below which plants are able to 
detoxify O3 (Emberson et al., 2000). The stomatal flux-based metric 
better reflects the current knowledge on the risk for forests which is 
based on the amount of pollutant absorbed by the plants through sto-
mata, taking also into account the detoxification processes (Mills et al., 
2018). The core of this method is the computation of stomatal conduc-
tance, which is based on the Jarvis (1976) multiplicative approach. In 
the Jarvis model, a prescribed species-specific maximum stomatal 
conductance is multiplied by several limiting functions and each 

function takes into account a particular climatic condition which de-
creases the potential maximum stomatal conductance (Wesely, 1989; 
Emberson et al., 2000; Clifton et al., 2020). Therefore, the flux-based 
metric has the capacity of accounting for environmental conditions 
that influence the O3 uptake through stomatal aperture (Emberson et al., 
2000), thus its use is relevant in circumstances where either high O3 
concentrations are associated with environmental conditions that are 
unfavourable to uptake (e.g. drought) or low concentrations are asso-
ciated with mild and wet conditions (Anav et al., 2016). 

Given the limitation of exposure-based metrics and the greater bio-
logical relevance of flux-based metric, the European Union is consid-
ering to replace the AOT40 with a new standard based on stomatal flux 
of O3 and expressed as the Phytotoxic Ozone Dose (PODY), where Y 
represents a detoxification threshold below which it is assumed that any 
ozone molecule absorbed by the leaves will be detoxified (Musselman 
et al., 2006). For forest protection, this threshold has been set to a 
constant value of 1 mmol O3 m− 2 s− 1 (CLRTAP, 2017), however it 
should be noted that this threshold should vary with vegetation type/-
species (Mills et al., 2011b). 

While at regional scale the spatial and temporal consistency between 
the different metrics has already been discussed (e.g. Emberson et al., 
2000; Simpson et al., 2007; Karlsson et al., 2007; Klingberg et al., 2014; 
Anav et al., 2016, 2019; De Marco et al., 2020), an assessment at larger 
scale is still missing for forest ecosystems or is limited to sites where 

Fig. 2. Comparison of simulated mean daily surface ozone concentrations averaged over different seasons for US, Europe and eastern Asia with in-situ observa-
tions (dots). 
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ozone is measured. In this latter case, however, because of the diffi-
culties associated to the POD1 computation, which requires several 
meteorological measurements to be computed, previous comparisons 
were limited to the exposure-based metrics only (e.g. Lefohn et al., 2018; 
Mills et al., 2018). 

The spatial distribution of AOT40 and W126 is fairly similar, with 
both standards showing a latitudinal gradient with values increasing 
from tropics to mid-latitudes and then decreasing toward the high lati-
tudes (Fig. 3); the highest values for AOT40 and W126 are found in the 
area of higher O3 concentrations (Fig. 1), namely in mountainous re-
gions and over the polluted areas of eastern China, eastern US and over 
south Europe. In contrast, the POD1 shows a more fragmented pattern 
with maximum values reflecting the combined effect of ozone concen-
tration and meteorological variables. Specifically, the highest POD1 
values are evident in areas where ozone concentrations are not 

particularly high but have an optimal combination of mild temperatures 
and scarce soil water stress. Despite these metrics have a different spatial 
distribution, our results suggest that when used for risk assessment these 
standards provide a similar picture: in particular, looking at the stipples 
(Fig. 3), which help to highlight areas where the critical levels for a 
given metrics are exceeded, the AOT40 shows that critical levels for 
forest protection are exceeded in the whole US (excluding Alaska), 
Europe (excluding part of Scandinavian region) and Asia (excluding 
some regions over the Siberia). Generally, the W126 agrees with this 
pattern, highlighting the same forests as the most exposed to ozone 
injury, except a large part of northern Russia and Europe. Similarly, the 
POD1 shows the same areas as suggested by W126 and AOT40 even if the 
risk posed to the forest is less spread compared to other standards: in 
particular, the POD1 identifies a large risk over eastern China and India, 
Mediterranean basin and most of France, as well as east coast of US and 

Fig. 3. Standards used or proposed for use in Europe and United States. a Spatial distribution of the actual European standard used to protect vegetation from O3 
(AOT40). b Metric proposed for use as a secondary air quality standard in the US (W126). c Metric proposed in Europe to replace the actual standard. Stipples 
indicate grid points where critical levels are exceeded. 
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Mexico. 
To fully understand the different spatial pattern of Fig. 3, the dif-

ferences in the instantaneous (i.e. hourly) values of these metrics should 
be considered. Fig. 4 suggests that for the concentration-based metrics 
(i.e. AOT40 and W126), the instantaneous risk to vegetation is a step 
function of O3 concentration, irrespective of the stomatal status and 
hence of any environmental condition. In addition, for the AOT40, all 
the concentrations below the threshold of 40 ppb are not considered 
harmful to vegetation, even at high stomatal conductance values. This is 
also valid for the W126 metrics, however, unlike AOT40, the continuous 
sigmoidal weighting scheme does not create an artificially imposed 
concentration threshold. In contrast, the POD1 shows that the risk de-
pends both on O3 concentration and stomatal conductance. Specifically, 
the magnitude of POD1 is dependent not only on O3 concentration but 
also on the variation in the meteorological conditions and plant health 
status (e.g. phenology, soil moisture, temperature, light, relative hu-
midity, wind speed), which affect the O3 stomatal conductance and, 
thus, all control the amount of O3 entering into the leaves (CLRTAP, 
2017). Looking at the POD1 magnitude, this metric is practically 
insensitive to variations in O3 concentrations when stomatal conduc-
tance is low (generally below 30 mmol m− 2 h− 1); such insensitivity 
tends to decrease as the stomatal conductance increases. This behaviour 

of POD1 has profound consequences when the metric is used for vege-
tation adapted to live in limiting climatic conditions such as the Medi-
terranean and dry or semi-arid environments, which cover 41% of 
Earth’s land surface (Reynolds et al., 2007). In fact, under these condi-
tions, the plant species can adjust their gaseous exchanges to limit the 
water losses from leaf tissues and then maintain their degree of internal 
hydration close to optimal conditions. This prevents O3 to penetrate 
within the leaf tissues and, therefore, low values of O3 uptake are 
observed, regardless of surface O3 concentration. 

Furthermore, Fig. 4 highlights that the dynamics of O3 uptake are not 
linearly dependent on O3 concentrations, therefore the spatial patterns 
of concentration-based and flux-based metric are significantly different, 
as shown in Fig. 3. As concentration-based metrics depend on O3 con-
centrations only, it is interesting to determine the main drivers con-
trolling the uptake of O3 at hemispheric level. The spatial distribution of 
main climatic constraints to stomatal conductance is shown Fig. 5a; in 
the Arctic region and around the Tibetan plateau and Alps, air temper-
ature is the dominant climate driver controlling stomatal conductance, 
while it is not surprising that in the boreal region light availability is the 
strongest constraint controlling, among the other things, stomatal 
opening. At mid-latitudes and over Africa the water availability repre-
sents the main driver for stomatal behaviour, whereas air humidity is the 

Fig. 4. Comparison of instantaneous O3 risk to forests based on AOT40 (a), W126 (b) and POD1(c). Each dot represents the hourly AOT40, POD1 and W126 value at one grid 
point of the model domain during the temporal period June-July-August. 
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strongest constraint only in a small area over Asia. However, as these 
constraints could be co-dominant and vary during the year, the seasonal 
variability caused by each climate driver (i.e., temperature, radiation 
and soil moisture) is also analyzed. Considering the plant growing sea-
son (Fig. 5b), in the boreal region the ozone uptake is co-limited by air 
temperature and light availability, in the Arctic region temperature has 
a larger control on stomatal opening, while temperate and sub-tropical 
regions water and light availability largely control the stomatal 
conductance. Conversely, when two seasonal periods Spring (March- 
April-May) and summer (June-July-August) are considered this picture 
is remarkably different. Air temperature is the dominant constraint from 
mid to high latitudes, while solar radiation is the strongest constrain in 
the sub-tropical area, usually characterized by large water availability 

during the spring period (Fig. 5c). In contrast, during summer (Fig. 5d), 
because of rising temperature, the daylight becomes the most important 
factor affecting ozone uptake by plants from mid to high latitudes, while 
in semi-arid regions water availability plays a pivotal role in regulating 
stomatal opening. Noteworthy, our results match well the distribution of 
dominant climatic constraints to plant growth (Nemani et al., 2003) and 
primary production (Piao et al., 2009; Anav et al., 2015; Wu et al., 
2017). 

3.3. Process-based models 

The metrics described in the above section provide a general picture 
of risk assessment, but to translate this information into a quantification 

Fig. 5. a: Spatial distribution of dominant meteorological constraints describing the decrease of maximum stomatal conductance with surface air temperature, solar 
radiation, air humidity (defined as Vapour Pressure Deficit) and soil moisture; consistently with air quality standards, the dominant constraints are computed during 
plant growing season (April–September) following the Jarvis (1976) multiplicative model. The relative contribution of main constraints limiting stomatal 
conductance during b: plant growing season (April–September) c: spring (March-April-May) d: summer (June-July-August). 

A. Anav et al.                                                                                                                                                                                                                                    



Environmental Pollution 295 (2022) 118690

10

of the potential damage to vegetation one should apply 1) dose-response 
relationships or 2) process-based models. 

Process-based models have been extensively used to study the pro-
cesses leading to either carbon loss or gain by the land ecosystems (Ciais 
et al., 2014), including the effects of O3 exposure to forests (Ren et al., 
2007; Sitch et al., 2007; Anav et al., 2011; Lombardozzi et al., 2012; Yue 
et al., 2015; Franz et al., 2017; Unger et al., 2020). These models allow 
simulating plant responses to varying climate and CO2 conditions, tak-
ing also into account other limiting factors such as nutrient availability, 
water stress, plant competition and other disturbances (e.g. fires, ozone 
oxidative stress, insect pests and land use change). 

The first observed consequence of elevated levels of O3 exposure is a 
decline in net photosynthesis resulting in a reduced growth and hence a 
reduced leaf area and plant biomass (Wittig et al., 2009); in most of 
process-based models photosynthesis is simulated following the 
biochemical model of Farquhar et al. (1980) as modified by Collatz et al. 
(1991) and others (Anav et al., 2015). In particular, photosynthesis is 
tightly coupled to stomatal conductance, as stomatal aperture simulta-
neously affects the exchange of CO2 and water loss at the leaf surface 
(Clifton et al., 2020). The Ball-Berry stomatal conductance model (Ball 
et al., 1987; Collatz et al., 1991) is commonly used in models to simulate 
stomatal conductance (e.g. Anav et al., 2012); this empirical model uses 
photosynthetic rates to predict conductance values, hence changes in 
photosynthesis imply a direct change in stomatal conductance. While 
this approach is reliable under optimal environmental conditions, 
photosynthesis and stomatal conductance are shown to become decou-
pled under oxidative stress caused by ozone (Paoletti and Grulke, 2005; 

Lombardozzi et al., 2015), thus changing the relationship between gases 
uptake and water loss (Lombardozzi et al., 2012). Lombardozzi et al. 
(2012) indicated that vegetation models using Farquhar-von Caemmerer 
and Berry coupled with the Ball-Berry stomatal model to simulate the 
ozone damage overestimate the decreases in stomatal conductance, 
resulting in a large uncertainty in simulated transpiration, latent heat 
flux and water cycling (Lombardozzi et al., 2015). 

The spatial distributions of mean annual GPP, as simulated by 
ORCHIDEE for the year 2016 with and without considering the effect of 
O3, is shown in Fig. 6. The two simulations show a common spatial 
pattern with a typical longitudinal gradient in Northern Eurasia with 
GPP decreasing toward the East as a consequence of increasingly con-
tinental climate (Beer et al., 2010; Anav et al., 2015). However, it is 
noteworthy that some remarkable differences in GPP magnitude exist in 
correspondence of area showing high O3 concentrations (see Fig. 1): 
specifically, GPP was reduced by 5% or more in most of Europe (except 
Spain and Scandinavia), South East Asia and eastern US, where 
ozone-induced GPP reductions peaks 30%, while in the remaining areas 
the low ambient [O3] cannot induce substantial damage. The total GPP 
simulated with and without O3 stress is 66.6 PgC y− 1 and 69.1 PgC y− 1, 
respectively, thus O3 pollution leads to a GPP reduction of 2.4%. The 
same value, computed over Europe (6.4%), remarkably differs from 
Anav et al. (2011) which showed a larger GPP reduction (23.6%) over 
the same region; however, it should be noted that, despite both the 
simulations were performed with ORCHIDEE, the parameterization of 
O3 stress to photosynthesis are different. In addition, while Anav et al. 
(2011) considered the effects on both forests and crops, here we focus on 

Fig. 6. Spatial distribution of GPP (forests only) simulated by the ORCHIDEE model with and without considering the ozone stress to vegetation (upper panels). Lower panel 
shows the annual average GPP losses due to O3 damage for the year 2016. 
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forests only thus this large difference is not surprising as trees are known 
to possess a defence capacity and can repairing injured tissues, while 
crops are much more vulnerable (Reich, 1987). Our results well agree 
with other studies; in particular Yue and Unger (2018) showed exactly 
the same spatial pattern of GPP reduction of this study, with maxima up 
to 30%. They concluded that O3 damages are likely overestimated 
because of the high biases in modeled O3 and overall they found a global 
GPP reduction of 2.9 ± 1.4%. Similarly, Lombardozzi et al. (2015) re-
ported a global GPP decrease of 10.8% in response to O3 with the largest 
percent reductions ranging between 20% and 25% with largest re-
ductions occurring in the same areas of this study. More recently, Unger 
et al. (2020) reported a global GPP reduction of 3.2%, pointing out to 
Eastern China (− 13%), Eastern US (− 11%) and Europe (− 9%) as the 
three regions suffering the largest O3-induced GPP losses. Overall, all 
these studies, performed with different process-based models and pa-
rameterizations of O3-damage to GPP, agree both in terms of magnitude 
and identification of the most vulnerable regions to large O3 stress, 
despite some differences likely due to differences in the study periods 
and plant sensitivities to O3. Nevertheless, the relevant O3-induced GPP 
reduction suggests that O3 plays a pivotal role, more than previously 
expected, in the land carbon cycle and that it should be taken into ac-
count in climate change mitigation studies (Unger et al., 2020). For 
instance, extreme drought-induced loss of ecosystem function could 
impact 0.9% ± 0.1% of Earth’s vegetated land per year and reduce 
carbon uptake by 0.14 ± 0.03 PgC yr− 1 (Du et al., 2018). 

4. Conclusions 

We analyzed the different European and US legislative standards 
currently used to protect forests from O3 in a test case over the northern 
hemisphere, where forests are known to be potentially more sensitive to 
ozone damage. In parallel, we described the processes controlling these 
metrics, identifying the possible sources causing their disagreement. 

Results highlighted a similar spatial pattern between AOT40 and 
W126, while POD1 showed a different spatial distribution. The simi-
larities between the concentration-based metrics (i.e. AOT40 and W126) 
are not surprising as these standards are function of O3 concentration 
only, while previous studies already showed significant differences in 
the spatial distribution between AOT40 and PODY over Europe. How-
ever, despite the spatial distribution between exposure-based and flux- 
based metrics is remarkably different, all the standards, associated 
with their critical levels, provide similar information pointing out the 
same areas as the most vulnerable to O3 damage. In addition, the risk 
computed through the legislative standards agrees, in terms of hot spot 
regions, with the actual damage estimated using a complex process- 
based model. This latter result is particularly relevant suggesting that 
scientists and policy makers can obtain similar information on most 
vulnerable regions to O3 damage using tools of different complexity. A 
major difference among the metrics is in the amount of forests exposed 
to O3 risk as they exceed the critical level. In detail, AOT40 and W126 
suggest that 46% and 61% of the forests in the northern hemisphere are 
vulnerable to O3 injury, while POD1 suggests a lower – but still 
considerable – extent i.e. 40%. Such extent of O3 risk translates into an 
annual reduction of 2.4% in the forest GPP, which implies significant 
ecological and economic impacts and suggest that O3 is a major global 
threat to forest growth and carbon sequestration. 

Vegetation damage by O3 has widespread consequences, including 
GPP reduction, decreased land carbon sink, and, ultimately, the ampli-
fication of climate change. Thus scientific knowledge must be better 
communicated to policy makers so that air quality standards adequately 
protect forests from O3 threat. Although process-based models will 
provide the most reliable information about forest vulnerability, this 
method is perhaps overly complicated for use in air quality standards. 
We illustrated that POD1 is the most reliable simple estimate of O3 risk 
and recommend this metric is used by policy makers as air quality 
standard to protect vulnerable forest ecosystems in the future. 
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Jolivet, Y., Bagard, M., Cabané, M., et al., 2016. Deciphering the ozone-induced changes 
in cellular processes: a prerequisite for ozone risk assessment at the tree and forest 
levels. Ann. For. Sci. 73, 923–943. 

Jonson, J.E., Schulz, M., Emmons, L., et al., 2018. The effects of intercontinental 
emission sources on European air pollution levels. Atmos. Chem. Phys. Discuss. 
https://doi.org/10.5194/acp-2018-79 (submitted for publication).  

Karlsson, P., Braun, S., Broadmeadow, M., et al., 2007. Risk assessments for forest trees: 
the performance of the ozone flux versus the AOT concepts. Environ. Pollut. 146, 
608–616. 

Kitao, M., Yasuda, Y., Kominami, Y., et al., 2016. Increased phytotoxic O 3 dose 
accelerates autumn senescence in an O 3-sensitive beech forest even under the 
present-level O 3. Sci. Rep. 6, 32549. 

Klingberg, J., Engardt, M., Karlsson, P.E., Langner, J., Pleijel, H., 2014. Declining ozone 
exposure of European vegetation under climate change and reduced precursor 
emissions. Biogeosciences 11, 5269–5283. 

Kottek, M., Grieser, J., Beck, C., Rudolf, B., Rubel, F., 2006. World map of the Köppen- 
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